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a b s t r a c t
The eastern Mediterranean region has been subjected to intensive human disturbance in the past 10,000
years, mainly in the forms of agro-pastoral activities such as grazing, shrub clearing, and prescribed burning. This disturbance history resulted in the formation of highly heterogeneous landscapes, characterized
by high biodiversity. Recent changes in human activities have resulted in a decrease of landscape heterogeneity, leading to decreasing biodiversity and increasing ﬁre risk. To conserve heterogeneity, land
managers apply disturbance based management practices, using the same activities that created and
maintained landscape heterogeneity in the past. However, the long-term and large-scale outcomes of
these disturbances are often unknown, due to the complex response of Mediterranean vegetation to
disturbance. Here we report on a spatially explicit, hybrid, and spatially hierarchical ecological model
developed by us. The model attempts to predict the outcome of various disturbance based management
activities on the long-term spatio-temporal dynamics of ﬁve common Mediterranean vegetation types.
The model uses a spatially explicit state and transition formulation, with continuous transition functions.
Model simulations were conducted on a Mediterranean landscape in Northern Israel, incorporating various disturbance practices that are common in the region. Simulation results highlight the potential of
disturbance based management as a tool for conserving landscape heterogeneity, as well as the complex
interactions between disturbances and the spatial structure of the landscape in Mediterranean regions.
© 2009 Elsevier B.V. All rights reserved.

1. Introduction
Human agro-pastoral activities have been shaping the vegetation of eastern Mediterranean landscapes for the past 10,000
years through grazing, clear cutting, and burning (Naveh and Dan,
1973). The long-term results of these activities are vegetation
mosaics, which are ﬁne-grained landscapes consisting of different vegetation types interlaced at small spatial scales. Vegetation
mosaics are characterized by high biodiversity, since they consist
of many microhabitats that support different life forms and species
(Perevolotsky and Seligman, 1998).
Socio-economic changes in many countries in the Mediterranean basin resulted in the abandonment of traditional agropastoral activities (Naveh and Dan, 1973; Rundel, 1998), leading
to a sharp decrease in the areas being grazed regularly (Naveh
and Kutiel, 1986) and clear cut. As a result, many mosaic landscapes have been converted into dense scrublands and woodlands
(Naveh and Kutiel, 1986; Carmel and Kadmon, 1999). These pro-
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cesses have decreased landscape heterogeneity (Lavorel, 1999),
and engendered some undesired consequences, such as a decrease
in biodiversity and scenic diversity, and an increase of ﬁre risk
(Pausas and Vallejo, 1999). It is therefore important to conserve
vegetation mosaics and landscape heterogeneity (Perevolotsky and
Seligman, 1998; Pausas, 1999a,b). This is possible by re-applying
the traditional disturbances that created and sustained these landscapes in the past: grazing, clear cutting, and prescribed burning
(Perevolotsky and Seligman, 1998). However, the feasibility and
efﬁciency of such “management for heterogeneity” techniques are
not straightforward. Woody vegetation recovery following disturbances is rapid, and within 5–10 years complete woody cover is
restored (Henkin et al., 1999; Perevolotsky et al., 2003). Species
composition and distribution of individuals is often similar to that
before the disturbance (Hadar et al., 1999). A complex of several
management practices in a precise sequence may be required to
maintain open patches with herbaceous vegetation for longer periods (Seligman, 1996; Henkin et al., 1999).
How can active intervention channel vegetation dynamics
to restore and maintain spatially heterogeneous mosaic landscapes in Mediterranean environments? The working hypothesis
assumed here is that management can do so. The ‘how’ is yet
largely unknown. The approach chosen here is the development
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of a dynamic mathematical model that describes and predicts
long-term changes in Mediterranean vegetation in response to disturbances and management events.
Mathematical models can be useful tools for managers who
want to explore the possible consequences of their decisions. Models of vegetation dynamics can be classiﬁed into several types. Many
of these models deﬁne a basic unit that can be in one of several vegetation states, and can transit from one vegetation state to another
(Westoby et al., 1989). In Markov models (Usher, 1992; Rego et
al., 1993; Caswell, 2001) the transition is deﬁned by a matrix of
transition probabilities, while in semi-Markov models (Acevedo
et al., 1995) the transition probability depends on the period the
unit area has been in its present state. In cellular automata models (Silvertown et al., 1992; Hogeweg, 1988; Balzter et al., 1998),
the transition is governed by deterministic transition rules that
depend on the states of neighboring units. In gap models (Shugart
and West, 1980; Botkin, 1993), the patch is deﬁned by the identity
(and optionally age) of the dominant adult tree and the presence
of seedlings and saplings of trees of the same and other species.
The changes in the state of a gap may include a variety of factors
and processes (Urban et al., 1991; Pacala et al., 1996). In individual
based models (Urban and Shugart, 1992) the basic unit is not an
area but an individual plant, and the model can describe life cycle,
growth, reproduction and dispersal as a function of environmental
conditions and neighboring individuals. In addition to the traditional modeling approaches, hybrid models merge procedures or
sub-models of different types, often in a spatially hierarchical structure (Acevedo et al., 2001; Pausas, 2003). Models of these different
types have been developed mainly for forest ecosystems (Shugart
and West, 1980), but there have also been applications to savanna
or wooded grasslands (Jeltsch et al., 1997) and structurally more
complex Mediterranean-type vegetation.
A central conceptual and technical challenge in studying and
modeling vegetation dynamics is the necessity to span a range of
spatial scales (Coughenour, 1991; Levin, 1992; Noy-Meir, 1996). The
basic processes of vegetation change – the birth, growth and death
of individual plants – occur at a scale of one to a few meters, commonly referred to as the “patch” or “gap” scale (Pickett and White,
1985). The basic spatial unit most commonly used in the analysis
of plant communities and vegetation dynamics is the “site”, which
represents an area characterized by speciﬁc microclimate, topography and rock soil conditions, and by a speciﬁc disturbance history.
A site is an assemblage of adjacent and interacting individuals of
different species and of vegetation patches and gaps of different
structure and composition. The typical scale at which decisions on
ecosystem management are taken is larger, usually several square
kilometers, i.e. the “landscape” scale. A landscape thus consists of a
large number of sites that may differ in habitat conditions and land
use history as well as in vegetation structure and composition.
The scale problem in management-oriented ecological models
is: producing predictions, at the landscape scale, of changes in plant
communities observed at site scale, but generated by processes at
the patch or individual scale. One approach to this problem is to
ignore the local scale, and model only the larger scales: site and
landscape (Carmel et al., 2001; Franklin et al., 2001). A second
approach involves mere multiplication of the process at the local
scale, to construct artiﬁcial landscapes (Jeltsch et al., 1996; Balzter et
al., 1998; Pausas, 2003). The former approach was criticized as being
case-speciﬁc and not general (Higgins and Richardson, 1996) while
the latter approach was seen as being unrealistic (van Tongeren,
1995). A third approach is hierarchical models that operate on a
real landscape at two or three scales simultaneously (e.g. Acevedo
et al., 1996, 2001; Koniak and Noy-Meir, 2009). Hierarchical models have been developed for the modeling of forest dynamics in
boreal forests (Pacala et al., 1996). Such a model could predict the
future vegetation structure at the landscape scale, based on pro-

cesses operating at the site scale (namely grazing, clearing, ﬁre,
and seed dispersal), which in turn affect the development at the
patch scale (plant growth, mortality, expansion, and takeover by a
colonizer).
Existing model types are difﬁcult to apply in Mediterranean
systems, due to its high spatial and structural heterogeneity. Stateand-transition models are non-spatial, and use constant transition
probabilities, which also characterize cellular automata models.
Gap models were developed for more homogeneous forests with
a clear vertical stratiﬁcation, which do not exist in the majority
of Mediterranean shrublands and woodlands. Therefore, in this
research a hybrid modeling approach was taken, combining subprocesses from different model types. The core functions of the
model are based on the non-spatial model by Koniak and NoyMeir (2009). The dynamic process behind the model is based on
state-and-transition models (Westoby et al., 1989), where transitions between dominant plant functional types (PFT) are depicted
as stochastic processes, with probabilities governing the transitions between them. Traditionally, these models are non-spatial
and use constant transition probabilities. Here, following Koniak
and Noy-Meir (2009), a different approach was taken using continuous transition functions as an alternative to the constant
transition probabilities. These functions depend on the spatial
conﬁguration of the vegetation, making them spatially explicit
transition functions (Perry and Enright, 2008). Colonization and
growth of two PFTs in the same patch, one as dominant and one
as colonizer, originated from gap models (reviewed by Bugmann,
2001).
The objectives of the present work were: (1) to develop, on the
basis of the non-spatial model by Koniak and Noy-Meir (2009), a
spatially explicit model at multiple hierarchical scales, from patch
(cell) through site to landscape, incorporating ecological processes
that operate at various scales. (2) To explore and validate model
predictions regarding the spatio-temporal dynamics of Mediterranean vegetation under various disturbance and management
activities. Model parameterization, development and validation
were conducted for a Mediterranean mosaic landscape in northern
Israel.

2. Methods
2.1. Model structure
The model is a spatially explicit expansion of the non-spatial
model by Koniak and Noy-Meir (2009). The model simulates the
spatio-temporal dynamics of ﬁve plant functional types (PFTs
hereafter), which correspond to groups of species with common
structural and functional characteristics common to many Mediterranean regions: [1] herbaceous vegetation; [2] dwarf shrubs; [3]
low shrubs; [4] tall shrubs; [5] low trees (Fig. 1). At each time step of
the model, which is one year, PFTs in different locations can change
according to a set of transition functions (details below). The model
depicts the study area as a regular grid consisting of equal sized
cells, each dominated by a single PFT. The model consists of three
spatially hierarchical levels that are nested: [1] cell (patch), which is
a square unit area of 1 m2 (approximately the size of an adult dwarf
shrub), which is dominated by a single PFT, but can have an additional colonizer PFT growing beneath the dominant PFT. This is the
lowest level, where the majority of ecological processes occur. [2]
Site, which is a square collection of cells (area of 100 m2 ), which are
subjected to the same disturbances. In other words, a speciﬁc disturbance is assumed to be acting identically on all cells in the site.
[3] Landscape, which is the entire area of model operation, consisting of many entities of the lower hierarchical levels. The general
ﬂowchart of the model is depicted in Fig. 2.
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nant PFT is replaced by herbaceous vegetation, assuming that there
is a constant seed bank of herbaceous species everywhere in the
landscape.
2.5. Colonization
It is assumed here that a PFT can only be replaced by a “taller” PFT
(a PFT that is of a higher successional level, Fig. 1). Consequently,
colonization of a PFT into itself or a lower PFT into a taller PFT is
not allowed in the model. The probability that colonization of a
different PFT k will occur in a cell dominated by PFT j (only possible
when k > j) is the product of three components: [1] the maximal
colonization probability (a parameter); [2] the availability of seeds
of PFT k in the cell vicinity; and [3] the grazing intensity in the site
(Koniak and Noy-Meir, 2009):
cj,k = cmax,j,k × Sk,t × (1 − rc,k · Gt )

Fig. 1. The transition processes (arrows) between the ﬁve PFTs (ellipses) in the study
area.

2.2. State variables and parameters
Each hierarchical level has its own state variables. At the cell
level, there are ﬁve state variables: type, age, and height of the dominant PFT, and type and age of the colonizer PFT (if any). At the site
level there are two state variables: percent cover of each PFT and
seed availability per PFT. At the landscape scale, percent cover of
each PFT is the only state variable. All PFT variables are arrays of
ﬁve values, since there are ﬁve different PFTs.
The model includes three types of parameters: [1] Probabilities
of events (e.g. maximal colonization and expansion probabilities,
probabilities of seed production and dispersal); [2] Age effects (e.g.
maximum age of a PFT, reproductive age, etc); [3] Growth parameters (e.g. growth rate, maximum height). Each parameter has a
speciﬁc value per PFT. The majority of model parameters were
obtained from Koniak and Noy-Meir (2009). The remaining parameter values were derived from ﬁeld data, the literature, and expert
opinions.
2.3. Transitions between PFTs
The model simulates spatio-temporal change using a spatially
explicit state and transition process (Perry and Enright, 2008) with
continuous transition functions between the PFTs. The type D of the
dominant PFT in a speciﬁc cell (x,y) in the landscape next year (t + 1)
is a function of a transition function P between the dominant PFT
at present (t) to the dominant PFT in the following year:
D(x, y, t + 1) = f {P(x, y, t), D(x, y, t)}

(1)

2.4. Transition sub-processes
There are three transition processes in the model: seed colonization, vegetative expansion, and death. In seed colonization, seeds
from neighboring cells enter a cell and establish in it. These seeds
form a colonizer PFT that grows under the dominant PFT. After a
time lag, a deterministic takeover occurs, in which the colonizer
PFT replaces the dominant PFT and becomes the new dominant
PFT in the cell. The second transition process, vegetative expansion, is the replacement of the dominant PFT in a cell by the canopy
growth of a PFT from an immediate neighboring cell (one of its
eight surrounding neighbors). In the third process, death, the domi-

(2)

where cj,k is the actual probability of colonization of PFT k into PFT
j, cmax,j,k is a parameter representing maximal probability of colonization (under ideal conditions, e.g. there is no limit on seed
availability), Sk,t is the availability of seeds of type k in the area
(see below), rc,k is a parameter representing the effect of grazing on
recruitment of seeds of PFT k, and Gt is the grazing intensity at the
site at time t (between 0 and 1, deﬁned by the user).
The determination of the availability of seeds of PFT k (Sk,t ) is
based on the approximate mechanisms of dispersal of the different PFTs used in the model, and on the location of the cell and
the site in the landscape. The woody PFTs used in this model were
divided into two groups based on their dispersal mechanisms: [1]
Tall shrubs and low trees have ﬂeshy fruits, dispersed by birds. [2]
Low shrubs and dwarf shrubs have other means of dispersal, which
are unknown, but are limited in distance compared to the birddispersed PFTs. Therefore, two different procedures for calculating
local seed availability were created, accounting for the different
mechanisms described above.
2.6. Tall shrub and low tree seed production and availability
The rationale that governed the development of this mechanism
was based on the data on behavior of the common bird species
involved in the dispersal of ﬂeshy fruited species. These bird species
have small territories, of about 1 ha (Izhaki et al., 1991). They spend
the majority of time in the densely vegetated areas within their
territory, in order to avoid predation (PFTs that supply such protection are low shrubs, tall shrubs, and low trees). The vast majority
of seeds are dispersed and deposited in the denser areas of the
territory, which are also the areas where more fruit is available
(Debussche and Isenmann, 1994; Herrera et al., 1994; Herrera, 1995,
1998; Rey and Alcantara, 2000). Open cells will receive smaller
amounts of seeds. Thus, determination of seed availability in a
speciﬁc site needs to account for its relative shrub cover when
compared to its overall neighborhood, which represents the territory of seed-dispersing birds. Here, the size of this neighborhood
is assumed to be a rectangular block of 10 × 10 sites (corresponding
to 1 ha, similar to the average territory size of the dispersing bird
species).
For each site in the landscape, in each year, a preliminary seed
production value is calculated as follows (Koniak and Noy-Meir,
2009):
0
Sk,t
= Skmax ×

∗
Nk,t

N

(3)

0 represents the amount of seeds of PFT k that will be
where Sk,t
produced in time t at the site, Skmax represents the maximal amount
∗ is the
of seeds that are produced by a cell dominated by PFT k, Nk,t
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Fig. 2. Model ﬂowchart.

number of cells dominated by PFT k with plants older than their
reproductive age (the parameter ar,k ), and N is the total amount of
cells in the site (1 0 0). For mechanism [1] above, k can be only tall
shrubs or low trees.
The combined cover of low shrubs, tall shrubs, and low
trees representing the “hiding cover”, or the percent of area
available for safe bird movements in the site, is calculated as
(Izhaki et al., 1991):

Ph,site =

Nlow + Ntall + Ntree
N

(4)

where Nlow , Ntall and Ntree are the number of cells that are dominated by low shrubs, tall shrubs, and low trees, respectively.
0 in the 100 neighboring sites
For a speciﬁc site, the average Sk,t
S̄k,block was calculated for each block (10 × 10 site neighborhood).
This was also done for the “hiding cover”, yielding P̄h,block . Then, the
actual seed availability Sk,t for all cells in the site is calculated using
the equation from Koniak and Noy-Meir (2009), but replacing the
single-site scale terms with a multi-site term based on the average
seed production in the block, the average hiding cover in the block,
and the hiding cover in the current site. Thus, seeds are produced
at the block scale, but dispersed mainly into sites that have more
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protective cover for birds:
Sk,t = Sk,t−1 × uk + S̄k,block ×

Ph,site

(5)

P̄h,block

where uk is a parameter representing the fraction of seeds that
persisted through the passing year (as a seed bank). The output of
this equation is then inserted into Eq. (2).
2.7. Low shrub and dwarf shrub seed production and availability
The majority of seed dispersal events observed for these two
PFTs occurs in the very short range, but there is a small quantity
of longer distance events (Henkin et al., 1999, 2007). Seed production was divided into two stages, or distances. Short range dispersal
enables seeds to reach the neighboring cell, representing the fall
of fruits from the mother plant. Long range dispersal accounts for
unknown dispersal mechanisms operating at scales of up to few
tens of meters observed in the ﬁeld. The probability of short range
arrival of seeds uses a revised version of Eq. (3), which is based on
Koniak and Noy-Meir (2009) but incorporates an 8-cell neighborhood instead of a full site neighborhood:
max
Sshort,k,t = Sshort,k
×

∗
Nk,t

(6)

8

where Sshort,k,t represents the probability of seed arrival from
max
the short range, Sshort,k
is a parameter that expresses the maximal
seed production (when all eight neighboring cells are in state k and
reproductive).
The probability of long range seed arrival depends on the production of seeds in a nine-site rectangular neighborhood, and
replaces the constant term of seed import from outside the site
used by Koniak and Noy-Meir (2009):
Slong,k =

1
×
9

9 


max
Slong,k
×

site=1

∗
Nk,site


(7)

N

where Slong,k is the probability of seeds arriving from the long
range (represented by a nine-site neighborhood). For the sake of
simplicity, Eq. (7) has only a single summation, but in the actual
code, there is a double summation that generates a rectangular
neighborhood.
The actual availability of seeds of dwarf shrubs and low shrubs
is the sum of the probabilities from Eqs. (6) and (7), plus the component of seed survival from the previous year (as in Eq. (3) and
Koniak and Noy-Meir (2009)):
Sk,t = Sk,t−1 × uk + Sshort,k + Slong,k

(8)

The output of this equation is then inserted into Eq. (2).
2.8. Expansion
The probability of the dominant PFT in a cell changing from PFT
j to a “higher” PFT k as a result of expansion of adult plants is a
function of the number of cells in state k located in its immediate
neighborhood, i.e. the eight neighboring cells, the ages of the PFTs
in the neighboring cells, and the grazing intensity. The difference
from the original equation from Koniak and Noy-Meir (2009) is the
usage of an eight-cell neighborhood rather than the entire site:
ej,k

Nk,8
= emax,j,k ×
×
8



as,k − Ak,t
as,k − ae,k



× (1 − re,k × G)

(9)

where ej,k is the probability that a cell dominated by PFT j will
be invaded by PFT k, emax,j,k is the parameter that represents the
maximal probability of expansion (when all neighbors are of type
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k), Nk,8 is the number of cells in state k in the rectangular eightcell neighborhood (parameter) is the maturity age of PFT k, as,k
(parameter) is the establishment age of PFT k, Ak,t is the average
age of the PFTs in the neighboring cells at time t, and re,k is a parameter that represents the negative effect of grazing on the rate of
expansion.
2.9. Other processes
The model simulates height growth, disturbances, and death in
the same manner as the model by Koniak and Noy-Meir (2009).
Height growth assumes a saturation growth curve model, in which
growth rate decreases as plants become older. Grazing by goats or
cattle are management actions controlled by the user, which deﬁnes
their intensity (between 0 and 1), location (which sites), and timing
(which years). Grazing affects model behavior via modiﬁcation of
the probabilities of colonization and expansion (Eqs. (3) and (9),
respectively), and through its impact on height change. Fire and
clearing are user-deﬁned events as well, and each PFT subjected
to them has a probability of regenerating via regrowth, though it
is assigned a lower height. Death is a probabilistic event, and its
probability is constant once a dominant PFT k reaches a certain age.
A dead PFT is replaced by herbaceous vegetation.
2.10. Starting and ending conditions
The model requires the following data for initializing a simulation: [1] initial conditions: maps of dominant PFTs, their ages
and heights; maps of colonizer PFTs and their ages; [2] management protocols: ﬁre and clearing locations and times (years);
grazing types (goat/cattle/both), intensities (0–1), locations (site
serial numbers), and times (years). Typically, we ran simulations
of 100 years.
The standard output of the models is: maps of dominant PFTs,
their ages, and their heights; and maps of colonizer PFTs and their
ages. These maps are generated for each year separately. Additionally, the percent cover of the different dominant PFTs (per each year)
is generated for each site and for the entire landscape. The model
runs in a C++ environment with all input and output data ﬁles stored
in ASCII format.
2.11. Sensitivity analysis
The effect of model parameters on model output was assessed
by a Monte Carlo sensitivity analysis approach. Sensitivity analysis
was performed on groups of parameters, rather than on one parameter each time. In each run, a group of 10 parameters was randomly
selected, and their initial value was multiplied by a constant value
that represents the percentage of deviation from their original values. All other parameters were kept unchanged. The model was
run a large number of times, and in each run a different group of
parameters was modiﬁed. Model output was deﬁned as the total
number of cells of each PFT at year 50 (i.e., there were ﬁve analysis results). The reference for calculating sensitivity scores was the
output of a simulation with no changes in any parameter. The sensitivity score of a simulation run was assigned to all the parameters
that were modiﬁed in that run, and was calculated as the absolute difference between its output and the reference output. For
each parameter, the average and standard deviation of the sensitivity scores of simulations in which it was altered were calculated.
The average represents the overall effect of a speciﬁc parameter,
and the standard deviation represents its interactions with other
parameters. Parameters with high average and standard deviation
were those to which the model is highly sensitive.
In each run of the model, we used only the output of year
50 for calculating sensitivity scores, and ignored the output of
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previous years (in order to avoid temporal autocorrelation). Due
to long computation times in large model landscapes, sensitivity
analysis was conducted on a small, random landscape, consisting
of 100 × 100 cells (corresponding to 10 × 10 sites, or 1 ha). Initial
conditions represented an open landscape, with 73% herbaceous
vegetation, 12% dwarf shrubs, 7% low shrubs, 5% tall shrubs, and 3%
low trees.
2.12. Model validation
Validation of spatio-temporal models is a complicated task,
since the necessary ﬁeld data is seldom available. Here, validation
required a comparison of model simulations to actual vegetation
dynamics, accounting for the disturbance history. A full validation
of a spatially explicit dynamic model requires actual vegetation
maps of several points in time, at the relevant spatial scale (1 m),
temporal resolution (every decade), and thematic detail (ﬁve vegetation types), as well as a detailed documentation of disturbance
history for each site during the studied period. The best available
source of spatio-temporal data for the purpose of this study is
aerial photographs, due to their high spatial resolution and large
temporal cover. However, it was impossible to generate reliable vegetation maps of all ﬁve vegetation types from aerial photography
(especially in panchromatic photos, which are the only ones available for the earlier years). It was possible, however, to differentiate
herbaceous vegetation from woody vegetation at high accuracy.
Therefore, the model was evaluated using the dynamics of woody
vegetation.
Since the initial conditions were only partially known (map
of woody and herbaceous vegetation), a multiple simulations
approach was taken. In each simulation, the relative cover of each
woody vegetation type was randomly selected, and each woody
pixel in the vegetation map was randomly assigned to a single vegetation type, so that the overall cover of each PFT in the simulation
corresponds to the selected value. The process was repeated 30
times, and the average cover of herbaceous vegetation in each year
was calculated.
The validation was conducted using a 500 m × 350 m area in
the center of the study area. Five vegetation maps were generated
by classifying aerial photographs from 1974 (starting conditions),
1984, 1997, 2004, and 2007 into two classes: woody and herbaceous
vegetation, using Isodata unsupervised classiﬁcation (Campbell,
1996). For each photograph, classiﬁcation accuracy was assessed
using a set of 30 randomly located control points that were visually
interpreted as being woody or herbaceous. The overall classiﬁcation accuracy was 91%. The validation area was burned in a wildﬁre
in 1980, and has been subjected to medium intensity cattle grazing
since 1989. The starting conditions were randomly generated 30
times.
2.13. Example simulations
The effects of various management activities on the long-term
(50 years) structure and composition of vegetation were simulated
at Ramat Hanadiv Nature Park in northern Israel (Fig. 3). The initial conditions (dominant PFT and PFT height) were mapped from
remotely sensed data that included a fusion of aerial photography
and LiDAR (Bar Massada, 2008). The size of the modeled area is
233 ha, and its topography is relatively ﬂat. The area of the Park
is covered by various types of Mediterranean vegetation, in varying successional stages. The area was divided into 10 management
units (based on actual units), each subjected to different management scenarios (Table 1) that exist or are proposed for the study
area. The overall objective of the management treatments is to preserve landscape heterogeneity and speciﬁcally the mosaic structure
of the landscape by maintaining a wide array of habitats, supporting

Fig. 3. An aerial image of the study area, which is a subset of the Ramat Hanadiv
Nature Park (northern Israel). The existing management units are marked by yellow
lines. The validation area is marked by a dashed white rectangle. (For interpretation
of the references to color in this ﬁgure legend, the reader is referred to the web
version of the article.)

high species richness and diversity (Hadar L., personal communication).
Since there are many ways to quantify the structure of the mosaic
(Gustafson, 1998), we used a combination of Simpson index of
diversity (SIDI) and the edge density (ED) index to account for thematic diversity and spatial diversity, respectively. Simpson index
of diversity indicates heterogeneity in the composition of PFTs. It
portrays the probability that two randomly selected cells will not
belong to the same PFT:

SIDI = 1 −

S 
2

N
i

i=1

Nt

(11)

where SIDI is the Simpson index of diversity, S is the total number of PFTs, Ni is the number of cells dominated by PFT i, and Nt
Table 1
Management scenarios.
Scenario name

Description

None
Present

Entire landscape undisturbed
Different management in each unit. Includes intensive goat
grazing, intensive cattle grazing, intermediate intensity
goat and cattle grazing, and no disturbance
Intensive goat grazing, entire landscape
Intensive cattle grazing, entire landscape
Intensive goat and cattle grazing, entire landscape
Intermediate goat and cattle grazing, entire landscape
Same as G, with ﬁre in year 1
Same as C, with ﬁre in year 1
Same as GC, with ﬁre in year 1
Same as GChalf , with ﬁre in year 1

G
C
GC
GChalf
GF
CF
GCF
GChalf F
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is the total number of cells in the landscape. SIDI ranges between
zero (all cells in the landscape are of the same PFT) to 1–1/S. Edge
density is a measure of landscape complexity, and equals the sum
of lengths of all edge pixels in the landscape (edges between cells
of different classes) divided by the total landscape area. For simple landscape conﬁgurations, and when the total number of cells is
small, the amount of edge is small. As the landscape becomes more
convolved, and the amount of small cells increases, edge density
increases.
Overall landscape heterogeneity was assessed as an outcome of
different management scenarios, applied to different management
units independently, or to the entire landscape as a whole (Table 1).
Initial conditions were identical for all scenarios, and were based
on the vegetation map of 2004. The simulation was conducted for
a period of 50 years, and repeated ﬁve times per scenario. Diversity
indices were calculated for the entire landscape at year 0 and year
50.
2.14. Comparison with a non-spatial model
The model developed here is a multi-scale spatially explicit version of the non-spatial model by Koniak and Noy-Meir. To assess
the difference in model predictions, we simulated two sets of model
runs, depicting random and actual initial conditions, in both models
and compared the temporal dynamics of PFT cover. In the random
set, landscape area was 233 ha, and initial PFT cover percentages
were 70.5, 15, 8.5, 4, and 2 for herbaceous vegetation, dwarf shrubs,
low shrubs, tall shrubs, and low trees, respectively. The PFTs were
randomly distributed across the landscape according to the initial
percentage cover. During the simulations, the entire landscape was
undisturbed. In the non-spatial model there are no interactions
between sites, so the simulation consisted of 27 repetitions of the
same initial conditions vector, for which the average cover of each
PFT in every year was calculated.
The actual initial conditions were identical to the ones used for
predicting the future of the study area (see previous section), with
initial PFT cover percentages of 54.5, 15.5, 3.25, 15.75, and 11 for
herbaceous vegetation, dwarf shrubs, low shrubs, tall shrubs, and
low trees, respectively. We assumed there were no disturbances
over the entire period.

Fig. 5. Results of model validation. A comparison of 33 years of changes in herbaceous vegetation cover (gray dots), as predicted by 30 model runs with varying
conﬁgurations of woody PFTs, with ﬁve values of cover measured from classiﬁed
aerial photographs (black dots). The error bars of the aerial photography data represent the classiﬁcation error, while the error bars of the model data represent the
standard deviation of herbaceous cover. The leap in herbaceous cover in 1981 is a
result of a wildﬁre that burned the entire validation area.

3. Results
3.1. Sensitivity analysis
The global sensitivity analysis process revealed that six parameter types (i.e., each parameter type consists of up to ﬁve parameters
having the same role, one per PFT, so for example, there are ﬁve
maximal ages) were more inﬂuential on model output than others (Fig. 4): maximal age, age of maturity, maximal colonization
probability, maximum seeding probability, and maximum seeding
probability at short distances. For each PFT, the three most inﬂuential parameters were always a subset of these parameter types. All
these parameters are related to the processes of colonization and
expansion in the model, thus their impact on model output is the
result of their role in the two major transition processes that move
the chains of vegetation change in the model.

Fig. 4. Results of the sensitivity analysis. Plots show the averages and standard deviations of the sensitivity scores for each parameter (black dot). Each plot corresponds with
a single output variable, which is the percent cover of a certain PFT at year 50. Points with large mean values are those to which the model is the most sensitive. Points with
large standard deviations correspond to parameters that have a high degree of interaction with other parameters.
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3.2. Model validation
In general, the model reconstructed temporal dynamics of
herbaceous vegetation cover that are quite similar to those that
were mapped from the aerial photographs (Fig. 5). The rate of
decline in herbaceous cover seemed to be higher in the model than
in reality, but the difference is not overwhelming. The amount of
woody cover that was destroyed by the wildﬁre of 1981 was lower
than what the model predicted, but the general trend is similar.
3.3. Model simulations—general trends
Model results portrayed vegetation dynamics that are qualitatively similar to actual dynamics of Mediterranean vegetation that
were previously reported (Carmel and Kadmon, 1999). Under the
present disturbance scenario, the south central area which is being
moderately grazed by both cattle and goats, will transform from
a semi open area with many herbaceous cells into a dwarf shrub
dominated area (Fig. 6a). The southern area of the landscape, being
grazed by cattle, will gradually transform into a denser combination of the taller PFTs. The cessation of disturbance (Fig. 6b) results
in a transformation of many areas in the landscape to the domi-

nance of taller PFTs, with increased shrub density, and a pronounced
decrease in the cover of herbaceous cells, especially in the northern part of the landscape. Fire followed by intensive grazing by
both goats and cattle over the entire landscape results in the transformation of the heterogeneous vegetation mosaic into a dwarf
shrub dominated landscape, with a limited number of scattered and
mostly isolated cells of taller PFTs (Fig. 6c). This form of landscape
is indeed common in the eastern Mediterranean, where intensive
goat grazing has formed a dwarf shrub dominated landscape.
In terms of landscape heterogeneity, four of the ﬁve scenarios
that included ﬁre resulted in a decrease of Simpson’s index of PFT
diversity, with the combination of ﬁre and intensive goat and cattle
grazing showing the most pronounced decrease, and the combination of cattle and ﬁre showing the least decrease (Fig. 7). Fire
without further disturbance resulted in an increase of both Simpson’s index and edge density. In contrast, ﬁve of the six scenarios
that excluded ﬁre showed an increase in Simpson’s index, with
the intensive goat with cattle combination resulting in a decrease
of Simpson’s index. The undisturbed, present management, ﬁre,
intermediate goat and cattle grazing, and cattle grazing resulted
in similar Simpson’s index values, but their edge density values
increased. In all cases, the intensive goat grazing scenarios resulted

Fig. 6. Actual and projected vegetation maps. The starting condition map is top left; Vegetation after 50 years, assuming continuation of the present management scenario
(top right); Vegetation after 50 years, undisturbed (bottom left); Vegetation after 50 years, ﬁre in 2005 and intensive goat and cattle grazing ever after (bottom right).
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in lower edge density values compared to the other scenarios, especially in the case of grazing that followed ﬁre in year 1.
3.4. Comparison to a non-spatial model

Fig. 7. The effect of management scenarios on landscape heterogeneity, expressed
by Simpson’s index of diversity (SIDI) and edge density (ED), in 2054. Values shown
are averages of ﬁve simulations per scenario, with error bars representing standard
deviations (the SIDI standard deviations were negligible; therefore the x-axis error
bars are not shown). The large black dot in the center represents landscape heterogeneity in 2004. C is intensive cattle grazing, G is intensive goat grazing, F is ﬁre in
year 1, None is no disturbance, Present is the actual disturbances in the landscape at
present, the subscript half that follows G, C, or both represents intermediate grazing
intensity.

In both initial conditions (random and actual landscapes) there
were pronounced differences between the spatial and the nonspatial models (Fig. 8). The successional dynamics were more rapid
in the non-spatial model, i.e. the transitions between lower PFTs to
taller PFTs at the landscape scale occurred faster in the non-spatial
model. Under random initial conditions, tall shrubs are about to
replace low shrubs after 50 years in the non-spatial model, while
low shrubs are in their peak of cover in the spatial model at the same
time. In addition, the cover of tall shrubs and low trees changes
much slower in the spatial model. Both models, however, show
similar rates of decrease of herbaceous cover. Under actual starting conditions, differences were more pronounced (Fig. 8). While
low trees exhibited similar dynamics, herbaceous vegetation cover
decreased slower in the spatial model, while dwarf shrubs grew
faster and were the dominant cover type for thirty years, to be surpassed later by low trees. In the non-spatial model, the increase in
dwarf shrubs was inhibited by the increase in the low shrubs, which
rose fast between the ﬁfth and tenth year. In contrast, low shrubs
increased much slower in the spatial model.
4. Discussion
Mediterranean landscapes are characterized by ﬁne scale spatial heterogeneity of vegetation, resulting from thousands of years
of human disturbance (Naveh and Dan, 1973; Naveh and Kutiel,

Fig. 8. Temporal dynamics of ﬁve PFTs for the spatial model (left) and the non-spatial model by Koniak and Noy-Meir (2009) (right). The top graphs depict random initial
conditions, and the bottom graphs depict actual initial conditions which correspond with those depicted in Fig. 6 for the undisturbed scenario.
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1986). This heterogeneity supports high species diversity, and as
such is a major conservation target that may be conserved by
disturbance-based management (Perevolotsky and Seligman, 1998;
Perevolotsky, 2006). In principal, dynamic ecological models may
aid this purpose. In order to better understand the long-term and
large scale interactions between disturbance-based management
and landscape heterogeneity, we developed a spatially explicit,
hybrid, and hierarchical ecological model, that is based on continuous state and transition functions.
The model relies on several assumptions. The major assumption
is that change proceeds from low species to tall species (a PFT can
only be replaced by a taller PFT unless it dies). In reality, there are
cases where lower PFTs continue to grow underneath taller PFTs,
replacing them if they die. In the majority of cases, however, the
forward transition assumption holds true. A second assumption is
that transitions are abrupt; once a colonizer takes over a dominant,
the old dominant disappears. In reality, two PFTs may share the cell
for a long period of time, without a clear distinction between a true
dominant and colonizer. However, it is impossible to describe spatially explicit succession in a continuous manner without greatly
increasing model complexity. Another assumption is the occurrence of seed dispersal and colonization events in the intermediate
hierarchical level, without consideration of the actual dispersal kernel. This is because the dispersal mechanisms of the PFTs modeled
here are unknown. While the dispersal kernels of tall shrubs and
low trees were studied in the past, and are generally understood
(Izhaki et al., 1991), there is scarce knowledge about long distance
dispersal mechanisms of low shrubs and dwarf shrubs.
The above assumptions might distance the model from reality; yet, its qualitative and quantitative validation shows that its
patterns are similar to actual spatio-temporal dynamics of vegetation. Model results are in agreement with the present knowledge
regarding succession and change in the eastern Mediterranean
region, which include decrease in cover of herbaceous species in the
absence of disturbance, and transitions from lower woody species
to taller woody species in a decadal time (Broide et al., 1996; Carmel
and Flather, 2004). Model validation, although limited due to lack of
data, showed that model predictions are similar to actual dynamics.
The model further ignores three components that have a major
role in the dynamics of Mediterranean vegetation: climate, topography, and soils (Zohary, 1973). In the present case study, this
simpliﬁcation is justiﬁed by the relative homogeneity of these factors across the landscape, while applying the model to other areas
would require additional parameters.
The high spatial resolution of the model imposes several difﬁculties on its application. A pre-requisite for running the model
on actual landscapes is the availability of high resolution vegetation data. At present, vegetation maps that combine this thematic
and spatial detail are scarce (due to technical and methodological limitations), thus the application of the model as an actual
management-aid tool for large areas is constrained by the lack of
sufﬁcient input data (but this may change in the future).
Model simulations revealed that disturbances had varying
effects on landscape heterogeneity. Without disturbance, the landscape was eventually dominated by the taller PFT. Grazing slowed
down the successional process, since browsing by goats prevented
the lateral growth of woody vegetation. In small shrubs, height
growth was also prevented since the top branches were accessible to the browsing animal. Cattle had a less pronounced impact,
since cows feed mainly on herbaceous vegetation, and to a lesser
extent low trees (Seligman and Perevolotsky, 1994). In contrast to
the effect of grazing, which seldom reduced the cover of existing
woody vegetation, ﬁre and clearing transformed the vegetation to
a lower successional level by decreasing woody cover and enabling
the re-expansion of herbaceous vegetation over the newly opened
cells. The rate of woody regeneration to the pre-disturbance state

depends on the initial conﬁguration of the community; the higher
the original cover of a PFT, the more of it will regenerate, and
through a feed-forward mechanism, it will regain its past cover
faster (since the transitional processes in the model, both colonization and expansion, depend on the relative cover of each PFT).
Current landscape heterogeneity is apparently moderate, and
may either increase or decrease, conditioned on the nature of management actions to be taken (Fig. 7). An increase in landscape
heterogeneity was projected under the no disturbance scenario
(Fig. 7). A possible explanation is that the study area is in a
mixed successional stage that still reﬂects the outcomes of past
disturbances (large wildﬁre, ongoing cattle grazing). A period of
increasing heterogeneity is expected to occur, before the landscape transforms into a denser form, with decreased heterogeneity.
Therefore, the change in landscape heterogeneity depends on the
initial conditions of the landscape, and the disturbance history.
The spatial model developed here generated different temporal
dynamics than those created by its predecessor non-spatial model
by Koniak and Noy-Meir (2009), both for random and actual initial
conditions, though in the case of random initial conditions differences were smaller. In both cases, successional dynamics were
faster in the non-spatial model. This difference was probably caused
by the effect of spatial conﬁguration on transition probabilities,
which exists only in the spatial model. Same initial PFT cover
may have multiple conﬁgurations across the landscape, and this is
known to affect the spatio-temporal dynamics of PFT cover (Pausas,
2003). Therefore, spatially explicit vegetation models are expected
to generate more realistic results in cases where vegetation has a
stronger non-random spatial pattern.
The models developed in this study and in a previous research
(Koniak and Noy-Meir, 2009) are preliminary steps in the research
of the interactions among management and vegetation dynamics
in Mediterranean landscapes. Such models are powerful tools for
assessing the long-term impact of management for mosaic conservation. At present, due to the lack of long-term ﬁeld data, models
may be the only available tools for reaching this goal. Further
development of the model may include the incorporation of additional environmental variables and climatic conditions, provided
that they are based on sufﬁcient empirical data, which at present is
unavailable.
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